Theories of forest nitrogen (N) cycling suggest that stream N losses should increase in response to chronic elevated N deposition and as forest nutrient requirements decline with age. 
INTRODUCTION
Forests in the eastern United States presently receive five to 10 times the amount of nitrogen (N) deposition as during preindustrial times (Holland and others 1999) , and deposition rates have been elevated for at least 3 decades (Likens and Bormann 1995) . Ecosystem theories suggest that both N deposition and forest succession should lead to increased stream NO 3 Ϫ loss over time. The N saturation hypothesis suggests that chronic elevated N deposition should eventually lead to increases in nitrification and NO 3 Ϫ loss to drainage waters others 1989, 1998; Stoddard 1994) . Nitrate losses are also expected to increase as stands age. Vitousek and Reiners (1975) proposed that ecosystem retention of limiting nutrients should decrease from strong retention in rapidly aggrading stands to essentially no net retention in steady-state oldgrowth systems. They supported this hypothesis with stream data from Mount Moosilauke, New Hampshire, where they observed that streams draining old-growth stands had higher NO 3 Ϫ concentrations than streams draining young successional stands. In 1996 -97, we resampled these and other streams on Mount Moosilauke and Mount Washington, New Hampshire, that Vitousek (1975 Vitousek ( , 1977 sampled throughout 1973-74. We tested whether NO 3 Ϫ losses had increased after 23 years of forest maturation and chronic N deposition, and whether spatial patterns of N loss persisted. In re-gions with very little inorganic N deposition, chronic losses of dissolved organic nitrogen (DON) or N trace gases may maintain strong ecosystem N limitation and low NO 3 Ϫ losses in old-growth forests; nonetheless, NO 3 Ϫ losses are expected to increase with time in regions with elevated deposition (Hedin and others 1995; Aber and others 1998; Vitousek and others 1998; Perakis and Hedin 2002) .
In the northeastern United States, NO 3 Ϫ concentrations in precipitation have not changed significantly over the past several decades, although concentrations of SO 4 2Ϫ and base cations have declined (Driscoll and others 1989; Hedin and others 1994; others 1996, 1998; Stoddard and others 1998b) . Monitoring networks established in the early 1980s indicate that surface water SO 4 2Ϫ concentrations have generally declined across the northeastern United States over the last 2 decades, but that acid-neutralizing capacities have not consistently rebounded due to compensating declines in base cations, or in some cases, to increases in stream NO 3 Ϫ concentrations (Murdoch and Stoddard 1992; Stoddard and others 1999) . There are relatively few sites with stream measurements dating from the 1970s or earlier (but see Martin and others 2000) , making the long-term record of stream chemistry (1964 to present) from the Hubbard Brook Experimental Forest (HBEF) particularly valuable (Likens and others 1996; Driscoll and others 2001) . However, long-term NO 3 Ϫ records from individual sites may be confounded by successional effects or by unique disturbance events (for example, see Aber and others 2002 Vitousek (1975 Vitousek ( , 1977 sampled 57 streams throughout 1973-74. Sixteen streams drain highelevation alpine tundra or fir krummholz and were not sampled in 1996 -97. Of the 41 forested watersheds, sampling points for eight could not be located due to trail rerouting, and five watersheds had been harvested between 1974 and 1997 (US Forest Service records, Plymouth, New Hampshire). We sampled the remaining 28 streams; five of them drained the western slope of Mount Washington, and the rest were distributed across the southwestern and eastern slopes of Mount Moosilauke (Figure 1) . All streams were sampled along hiking trails at essentially the same locations as in 1973-74.
METHODS

STUDY SITES
Mount Moosilauke (44°1ЈN, 71°50ЈW) lies on the southwestern edge of the White Mountain National Forest (WMNF), New Hampshire, and Mount Vitousek (1975) . Stream data from the Hubbard Brook Experimental Forest (Likens and Bormann 1995) and the Bowl Research Natural Area (Martin and others 2000) are included for comparison.
Washington (44°16ЈN, 71°18ЈW) rises from the northcentral portion of the WMNF (Figure 1 ). The bedrock of both mountains was previously classified as Littleton formation mica schist (Billings 1956 ). Mount Washington retains this designation, but the geology of Mount Moosilauke is now classified as quartz-feldspar-biotite metagraywacke (Hatch and Moench 1984) . Ammonoosuc Volcanics occur off Mount Moosilauke's western slope (Hatch and Moench 1984) and contain large amounts of calcium-rich hornblende and plagioclase feldspar relative to the base-poor metamorphic formations (Bailey and Hornbeck 1992) . Soils are largely Haplorthods, grading to Cryorthods and Cryofolists with elevation (Huntington and others 1990) . The climate is cool and humid. At the nearby HBEF, annual precipitation averages 1400 mm and is distributed evenly throughout the year (Federer and others 1990) . Monthly mean temperature ranges from Ϫ8.7°C in January to 18.8°C in July. Snowpacks accrue during winter, and monthly streamflow generally peaks with April snowmelt. Bulk deposition of inorganic N averages about 7-8 kg N ha Ϫ1 y Ϫ1 in the southwestern WMNF (Likens and Bormann 1995; Campbell and others 2000) , and deposition generally increases with elevation (Lovett and Kinsman 1990) . Lovett and others (1982) measured an additional 35 kg ha -1 y Ϫ1 of cloud deposition of inorganic N to high-elevation (1220 m) balsam fir (Abies balsamea) forests on Mount Moosilauke.
Vegetation varies with elevation from northern hardwoods below about 750 m to spruce-fir between about 750 and 1200 m, subalpine balsam fir between 1200 and 1400 m, and alpine tundra above 1400 m (Reiners and Lang 1979) . Extensive logging occurred in the WMNF in the late 19th and early 20th centuries. On the Mount Washington watersheds, accessible red spruce (Picea rubens) stands were cut heavily around 1910, whereas the subalpine forests on the steep upper slopes were left uncut (USDA Forest Service records, Laconia, New Hampshire). On the southwestern flank of Mount Moosilauke, low-elevation forests were cut heavily prior to 1901; however, red spruce was cut selectively from the upper slopes, leaving minimally disturbed northern hardwoods and a patch of uncut spruce (Brown 1958; Cogbill 1989) . Seven of the nine old-growth growth watersheds presented in Vitousek and Reiners (1975) are in this area (streams 1-7, Figure 1 ). On the eastern side of Mount Moosilauke, heavy cutting between 1896 and 1923 stripped timber from all but one ravine. Much of this ravine was salvage-logged after the 1938 hurricane , but stands on the upper rim were not cut (Brown 1958; Cogbill 1989) . All five of the logged (streams 25-29) and two of the old-growth (streams 22, 23) watersheds from Vitousek and Reiners (1975) occur in this ravine. Vitousek (1977) -97 (18 -20 November 1973 and 21-25 January, 6 -10 April, and 20 -25 July 1974 . Mean concentrations derived from 1973-74 quarterly samples did not differ from mean concentrations derived from the 17 collections comprising the water year of October 1973 to September 1974 (see Results). Streams 1, 2, and 4 froze to the ground in winter and could not be collected; these streams were not included in statistical analyses. The Mount Washington streams are difficult to access in winter and were collected every 2-4 weeks in late fall and from May through September in both 1973-74 (nine collections) and 1996 -97 (seven collections). We tested for differences in chemistry between 1973-74 and 1996 -97 with two-way analysis of variance (year, month, and year ϫ month), using quarterly measurements of 20 streams (n ϭ 20) on Mount Moosilauke and monthly nonwinter measurements of five streams (n ϭ 5) on Mount Washington. This approach allowed for comparison between years while controlling for the expected seasonal cycle of stream NO 3 Ϫ concentrations. Vitousek (1977) details the analytical methods used in 1973-74, and differences are summarized here (Table 1) . DON was not measured in 1973-74, although dissolved organic carbon (DOC) was measured once in autumn in 15 streams with a Beckman Model 915 total carbon analyzer after acidification and sparging. The 1973-74 method of most concern was the turbidimetric method used for the SO 4 2Ϫ analysis (Golterman 1969) , which has a high detection limit (10 mol/L in Golterman 1969, Greenberg and others 1992; 15 Buso and others (2000) contend that the turbidimetric method is not sufficiently sensitive for SO 4
SAMPLE COLLECTION AND ANALYSIS
2Ϫ concentrations below about 50 mol/L. The 1996 -97 samples were collected in 250-ml high-density polyethylene (HDPE) bottles that had been triple-rinsed with streamwater prior to collection. The samples were then refrigerated until processing the following day. Samples were suction-filtered through combusted (1 h at 425°C), wellrinsed Whatman GF/F glass fiber filters (pore size, 0.7 m) and frozen in 30-ml HDPE (DOC and DON) or polyethylene (inorganic ions) vials until analysis. After thawing, anion samples were refiltered through 0.2-m pore size Acrodisks (Gelman Sciences) prior to analysis with a Waters ion chromatograph and a Dionex AS4A column with micromembrane chemical suppression. Ammonium was measured with flow injection analysis using the automated phenate method on a Lachat QuikChem AE. Base cations were measured with direct current plasma emission spectroscopy on a Fisons SpectraSpan III. DOC samples were acidified and sparged prior to analysis. DOC and total dissolved nitrogen (TDN) were measured in separate analyses using high-temperature (680°C) catalytic (platinum) oxidation on a Shimadzu TOC 5000. TDN was measured with an Antek 720C N chemiluminescent detector (Merriam and others 1996) , and DON was calculated by difference: DON ϭ TDN Ϫ (NO 3 Ϫ ϪN ϩ NH 4 ϩ ϪN). Likens and others (1996) , Likens and Bormann (1995) , and related publications, and through 1994 in Driscoll and others (2001) . Hornbeck and others (1997) report W6 stream chemistry for October 1991 -September 1994 , and Campbell and others (2000 provide N chemistry for June 1995-May 1997.
COMPARISON WITH HUBBARD BROOK
Stream discharge sometimes affects ion concentrations through dilution or flushing of solutes during conditions of high flow (for example, see Johnson and others 1969; Arheimer and others 1996) . Because the streams on Mount Moosilauke and Mount Washington were not gauged, we used daily Figure  3b ). Higher rainfall and limited evapotranspiration in high-elevation tundra may dilute the Mount Washington streams.
Decreases in ion concentrations between years did not appear to be caused by differences in streamflow. All 1996 -97 concentrations were lower than all 1973-74 concentrations, regardless of discharge measured at HBEF W6 (Figure 4) . Analysis of covariance indicated that mean ion concentrations did not vary significantly with logtransformed W6 discharge on either Mount Moosilauke (P ϭ 0.12 for NO , and Mg 2ϩ concentrations differed by year on both mountains (P Ͻ 0.01 for all analyses).
Qualitative trends among streams persisted across the years, in that streams with high concentrations in 1973-74 also had the highest concentrations in 1996 -97 ( Figure 5 ). Nitrate concentrations decreased across all Mount Moosilauke streams, regardless of forest type or successional stage. During both 1973-74 and 1996 -97, NO 3 Ϫ concentrations in streams draining old-growth stands exceeded those of successional stands logged in 1943-47 ( Figure 6 ). The NO 3 Ϫ decline was not due to compensating increases in other forms of dissolved N loss (NH 4 ϩ or DON), since TDN concentrations in 1996 -97 were lower than NO 3 Ϫ concentrations alone in 1973-74 (Figure 6b ). Ammonium concentrations were rarely above 1 mol/L in either 1973 -74 or 1996 -97 (more detailed 1973 ϩ data were not available). DON was not measured in 1973-74, but DOC concentrations were low in autumn sam- ples of 15 streams (25-142 mol/L). Mean DOC concentrations in 1996 -97 ranged from 85 to 322 mol/L across all 25 streams and averaged 157 mol/L; because these values represent different streams and different collection dates from the 1973-74 measurements, DOC concentrations should not be compared across years. DON concentrations ranged from 3 to 15 mol/L in 1996 -97 and averaged 7 mol/L. DON concentrations varied little between old-growth and logged watersheds; but because of differences in NO 3 Ϫ loss, DON constituted 60% of TDN from logged stands but only 30% from old-growth stands (Figure 6b) .
Concentrations of all base cations were higher on the western side of Mount Moosilauke than on the eastern side ( Figure 5 ), possibly due to differences in till chemistry across the mountain. Glacial movement from northwest to southeast transported till such that locally derived soils often resemble the bedrock mineralogy up to 32 km "upglacier" (Bailey and Hornbeck 1992; Hornbeck and others 1997) . This glacial transport 14,000 years ago may have enriched soils on the western flank of Mount Moosilauke with base cation-rich minerals. 
DISCUSSION
The decrease in NO 3
Ϫ concentration appears to contradict current theories of both N saturation and successional changes in N retention. Yet before attributing changes in stream chemistry to biogeochemical causes, we address possible effects introduced by differences in analytical methods and streamflow. We then discuss regional trends in stream chemistry and the biogeochemical mechanisms proposed to explain temporal patterns of NO 3 Ϫ loss, including changes in atmospheric chemistry, insect defoliation, soil frost, and climate variation.
Real Change or Sampling Artifact?
Some of the analytical methods used in 1996 -97 have greater precision and lower detection limits than those used for these streams in 1973-74 (Table  1) . However, methodological differences do not easily account for the large decline in stream NO 3 Ϫ . In 1973-74, NO 3 Ϫ concentrations were measured by reduction to NH 4 ϩ , conversion to NH 3 with NaOH, and use of an ammonia electrode (Orion Model 404; Anonymous 1972) . Nitrate standards were included to confirm complete conversion of NO 3 Ϫ to NH 3 . The ammonia electrode can overestimate low NO 3 Ϫ concentrations by 3-6 mol/L (Greenberg and others 1992), but this potential bias does not explain the large (25 mol/L) decrease in NO 3 Ϫ concentration between 1973-74 and 1996 -97. Differences in streamflow between 1973-74 and 1996 -97 do not appear to explain the observed differences in stream chemistry. However, the Mount Moosilauke and Mount Washington streams were not gauged, so our assessment of streamflow effects depends on the validity of using measurements from HBEF W6 as an index of temporal patterns of streamflow in the White Mountains. Similar results were obtained by repeating this analysis using streamflow measured by the US Geological Survey (USGS) for the Ammonoosuc River at a point approximately 25 km downstream from the site where the Mount Washington samples were collected (results not shown).
By coincidence, streamflows during 1973-74 (1159 mm) and 1996 -97 (1046 mm) are among the highest in the HBEF record, both exceeding the long-term average (896 mm) (Federer and others 1990) . Previous work at Hubbard Brook demonstrated that stream Ca 2ϩ and Mg 2ϩ concentrations varied little with discharge, with slightly increased Ca 2ϩ and decreased Mg 2ϩ concentrations observed with discharge in some experimental watersheds (Likens and others 1967; Johnson and others 1969) . Long-term sampling suggests lower Ca 2ϩ concentrations per unit discharge at W6 during the 1980s and 1990s than during the 1960s and 1970s (Likens and others others 1998; Buso and others 2000) , consistent with our far less frequent observations for 1973-74 and 1996 -97 at Mount Moosilauke and Mount Washington (Figure 4) . Nitrate concentrations at Hubbard Brook can increase with discharge during the dormant season (Johnson and others 1969) , although correlations between NO 3 Ϫ concentration and discharge at other temperate forest watersheds are often weak and can vary in sign (for example, see Arheimer and others 1996; McHale and others 2000) . Simple consideration of discharge (Figure 4) Ϫ and discharge at other sites suggest that a hysteresis can occur due to flushing of upper soil horizons, with NO 3 Ϫ increasing during the rising limb of the hydrograph, followed by a decrease during the receding limb (Creed and Band 1998) . The effects of antecedent conditions on NO 3 Ϫ concentrations are difficult to estimate for the Mount Moosilauke and Mount Washington streams, and we present only a qualitative assessment. November collections in both 1973 and 1996 occurred 2-4 days after rainstorms, as did the July 1997 collection, such that these samples could have had lower NO 3 Ϫ concentrations than expected due to recent flushing. Winter snowpack maintained steady, low flows during the period prior to January sampling in both years, and April sampling in both years occurred during the middle of the rise of flow at snowmelt. Although it remains plausible that antecedent flow conditions may have affected some of the 1996 -97 collections, it is unlikely that they affected all four collections to similar degrees. Flow conditions may have had some effect on observed concentrations, but it does not appear that differences in streamflow between years introduced enough bias to have caused the consistent decreases in NO 3 Ϫ , Ca 2ϩ
, and Mg 2ϩ concentration.
Regional Comparison of Long-term Trends
Across the northeastern United States, SO 4 2Ϫ concentrations of surface waters have generally declined over the last 2 decades in response to reduced SO 4 2Ϫ deposition (Stoddard and others 1998a (Stoddard and others , 1998b (Stoddard and others , 1999 Driscoll and others 2001) . Surface water base cation concentrations have also declined over the last 2 decades, particularly during the 1990s (Stoddard and others 1999) . Surface water NO 3 Ϫ concentrations increased throughout the 1980s in the Adirondack and Catskill mountains, of New York, but then declined through the 1990s, while New England surface waters showed few NO 3 Ϫ trends (Stoddard 1994; Stoddard and others 1999) .
Across the White Mountain region, stream NO 3 Ϫ , Ca 2ϩ , and Mg 2ϩ concentrations appear to have declined since the mid-1970s. In 1994 -97, Martin and others (2000) resampled four streams in the Bowl Research Natural Area, an old-growth watershed about 25 km east of the HBEF, and found similar changes in stream chemistry relative to 1973-74 (Martin 1979) as we observed at Mount Moosilauke and Mount Washington ( Figure 5 ). All of these results are consistent with changes between 1973-74 and 1993-94 observed at HBEF W6 (Figure 5) . The long-term record at Hubbard Brook (Likens and Bormann 1995; Driscoll and others 2001) confirms that stream chemistry during 1973-74 and 1996 -97 was typical for the mid1970s and the mid-1990s and was consistent with long-term patterns. At HBEF W6, SO 4 2Ϫ and base cation concentrations declined gradually and relatively consistently since about 1970 others 1989, 2001; Likens and Bormann 1995; Likens and others 1996) , although most of the decline in Ca 2ϩ occurred during the first half of this period (Likens and others 1998) . Nitrate displayed a much more erratic pattern with high concentrations during 1969 -76, low concentrations in the mid-1990s (Hornbeck and others 1997; Campbell and others 2000) , and variable concentrations in between (Likens and Bormann 1995; Likens and others 1996) . Nitrate loss peaked at 6.9 kg N ha Ϫ1 y Ϫ1 in 1973-74 (Likens and Bormann 1995) and dropped to 0.3 and 0.4 kg N ha Ϫ1 y Ϫ1 in 1993-94 and 1996 -97, respectively (Hornbeck and others 1997; Campbell and others 2000) .
Suggested causes for declining base cation concentrations in surface water include reduced leaching by acid anions (Galloway and others 1983; Reuss and Johnson 1986; others 1996, 1998) , reduced deposition of base cations (Driscoll and others 1989; others 1996, 1998) , and depletion of exchangeable base cations in soil due to long-term exposure to acid deposition (Likens and others 1996; Lawrence and others 1999). We cannot discern the relative importance of these three mechanisms in affecting the base cation concentrations in the streams measured here.
Why a Nitrate Decline?
We expected that stream NO 3 Ϫ would increase in response to 23 years of chronic N deposition and forest maturation; instead, it decreased dramatically. Seasonal patterns may have shifted as well. In 1973-74, the Mount Moosilauke old-growth watersheds displayed little seasonal variation in NO 3 Ϫ concentration, but in 1996 -97 the same streams appear to have dormant-season maxima and growing-season minima (Figure 6 ), although further confirmation of this trend is required because there were few collections during 1996 -97. This change in seasonal pattern would correspond with a shift in N saturation status from the high, aseasonal NO 3 Ϫ leaching of late stage 2 to a late stage 1 pattern of seasonal trends and slightly elevated base flow (Stoddard 1994) . Several mechanisms have been proposed to account for the long-term change in stream NO 3 Ϫ at the HBEF, including changes in at-mospheric chemistry, insect outbreaks, soil frost, and interannual climate fluctuations. The decline in NO 3 Ϫ concentrations across all resampled streams suggests a regional controller, such as climate variation or changes in atmospheric chemistry.
Changes in N deposition do not explain the sharp declines in stream NO 3 Ϫ across the region. There are no significant long-term trends in either the concentration or flux of inorganic N in bulk deposition at the HBEF (Likens and Bormann 1995; Driscoll and others 2001) , nor have trends in wet N deposition been observed across the northeastern United States in the last 2 decades (Stoddard and others 1998b) . Bulk deposition of inorganic N at W6 was 8.2 kg ha Ϫ1 y Ϫ1 in 1973-74 (Likens and Bormann 1995) and 8.5 kg ha Ϫ1 y -1 in 1996 -97 (Campbell and others 2000) .
Between 1973-74 and 1996 -97 , atmospheric carbon dioxide (CO 2 ) concentration increased by 10% from 330 to 364 ppm (Keeling and Whorf 2000) . Vitousek and others (2000) suggest that this change plausibly could have stimulated vegetation growth and N uptake, reducing stream NO 3 Ϫ loss. Model simulations suggest that observed changes in atmospheric CO 2 might lead to reduced stream NO 3 Ϫ losses at HBEF W6, but not by enough to explain the very low NO 3 Ϫ losses in the 1990s (Aber and others 2002) . Furthermore, there is little evidence for stimulation of tree growth at the HBEF. By contrast, Likens and others (1996) report that tree biomass accumulation has decreased in recent decades. Whether this decrease in accumulation is due to natural succession or to external factors remains unclear, but the decline in stream NO 3 Ϫ at W6 does not appear to be due to increased N sequestration in tree biomass. Furthermore we observed similar decreases in stream NO 3 Ϫ losses from both successional and old-growth watersheds ( Figure  6b) .
Insect infestation and defoliation can raise stream NO 3 Ϫ concentrations (Swank and others 1981; Eshleman and others 1998) . Hubbard Brook experienced heavy insect defoliation in 1969 -71 (Bormann and Likens 1979), and Eshleman and others (1998) suggest that the high NO 3 Ϫ concentrations at W6 in the early 1970s were due to this event. Although defoliation may have contributed to the particularly large change in NO 3 Ϫ concentrations at W6 (Figure 5 ), it is unlikely that this mechanism could explain the NO 3 Ϫ decline across both Mount Moosilauke and Mount Washington in watersheds with forest cover ranging from northern hardwood to spruce-fir and subalpine forest.
Soil frost can trigger losses of NO 3 Ϫ to streams by disrupting soil structure and causing mortality of microbes and fine roots (Groffman and others 2001) . Mitchell and others (1996) observed synchronous patterns of peak NO 3 Ϫ losses in streams across the northeastern United States following unusually cold temperatures in the winter of 1989 -90, and others (2001) experimentally induced NO 3 Ϫ loss at the HBEF by removing snow cover and allowing the underlying soil to freeze. Likens and Bormann (1995) Figure  6a ). Soil frost may be one-but not the onlyweather-related factor contributing to interannual NO 3 Ϫ fluctuations. Interannual climate variation remains as a plausible mechanism for explaining the temporal pattern of nitrate loss, although the specific climate factor driving these nitrate losses are uncertain. Plant uptake and N mineralization both respond to variation in temperature and moisture conditions, so that subtle differences in the rate or timing of biotic responses may lead to either NO 3 Ϫ leaching or N retention. At the Harvard Forest in Massachusetts, plant uptake of N in unfertilized hardwoods can vary from year to year by more than 20 kg ha , and net N mineralization can vary by more than 30 kg ha Ϫ1 y -1 (Magill and others 2000) . This variability in plant N uptake and net soil N release exceeds the variation in stream N loss at HBEF (less than 7 kg ha Ϫ1 y -1 , Likens and Bormann 1995) . Model simulations (PnET-CN) suggest that including climate-driven variation in growth and mineralization allows the model to reproduce much of the observed variability in NO 3 Ϫ leaching at W6 and the Bowl, although the extremely low values of the mid-1990s remain unexplained (Aber and Driscoll 1997; Aber and others 2002) . Modeled NO 3 Ϫ losses did not correlate with any particular climate variable, such as mean temperature (for example, see Murdoch and others 1998), but resulted from the interplay of many processes. If interannual climate variation does indeed explain the observed change in NO 3 Ϫ leaching since 1973-74, then future climate variation could cause NO 3 Ϫ losses to match or exceed those observed in the 1970s.
Climate-induced variability in biotic N retention may have masked any recent signal of increased NO 3 Ϫ loss from chronic N deposition or forest matUnexpected Decline in Stream Nitrate uration, but these factors are likely to have important impacts on stream NO 3 Ϫ at longer time scales. In regions with elevated N inputs, forest successional status does influence spatial patterns of NO 3 Ϫ leaching when compared within the same year (Silsbee and Larson 1982; Flum and Nodvin 1995; Goodale and others 2000) (Figure 6 ). In a literature review of NO 3 Ϫ losses from nine old-growth stands, Hedin and others (1995) demonstrated that NO 3 Ϫ losses were far higher in regions receiving chronic anthropogenic N inputs than in unpolluted stands in Chile and the western United States. Nitrate values for two of the nine old-growth stands in this review were from Mount Moosilauke (Vitousek 1977 ) and the Bowl (Martin 1979 ) from the early 1970s, yet the basic conclusion would not be altered if the lower, 1990s values (see Figure 5 and Martin and others 2000) were included instead. Sampling of additional old-growth watersheds by Perakis and Hedin (2002) 
